INTRODUCTION
The widespread contamination of groundwater with arsenic (As) in the fl oodplain of the Ganges River in Bangladesh and West Bengal (India) has been well-documented over the past 15 years (Bhattacharaya et al. 1997; Dhar et al. 1997; Nickson et al. 1998) . Studies over the past ten years have documented that the region of As contamination extends even into the Terai Zone, the Indo-Gangetic Plain of southern Nepal ( Fig. 1 ) (Neku and Tandukar 2002; Bhattacharya et al. 2003; Shrestha et al. 2003; Brikowski et al. 2004 Brikowski et al. , 2006 Emerman 2004; ENPHO and USGS 2004; Kanel et al. 2005; Tandukar et al. 2005; Neku et al. 2006; Panthi et al. 2006; Neku and Brikowski 2009; Pokhrel et al. 2009; Emerman et al. 2012) . According to the most recent count in a scholarly journal, 737,009 groundwater samples in Nepal have been tested for As, of which 7.9% exceeded the WHO (World Health Organization) As Standard (As = 0.01 mg/L) and 2.3% exceeded the Nepal Interim As Standard (As = 0.05 mg/L) (WHO 2008; Thakur et al. 2011) . IRIN (2010) reported that UNICEF had tested over 1.1 million wells in the Terai and found that 1.8% exceeded the Nepal Interim As Standard, while another 5.6% exceeded only the WHO As Standard. It is estimated that there are perhaps 200,000 tubewells in the Terai Zone and that 3.5 million Nepalis have no access to drinking water that does not exceed the WHO As Standard (Pokhrel et al. 2009 ). Other studies in the Terai have addressed the geologic setting of As contamination Williams et al. 2004 Williams et al. , 2005 Brikowski et al. 2005; Gurung et al. 2005; Van Geen et al. 2008 ), the health impacts of As-contaminated groundwater upon the local population (Ahmad et al. 2004; Maharjan et al. 2005 Maharjan et al. , 2006 Maharjan et al. , 2007 and the As contamination of soils and crops (Dahal et al. 2008 ).
The dominant paradigm for As contamination of groundwater in south Asia is the reductive-dissolution model, according to which the strongly reducing conditions of the thick sedimentary package of the Indo-Gangetic Plain cause the release of As from sorption sites on Fe oxyhydroxides after dissolution of the Fe oxyhydroxides by micro-organisms (Nickson et al. 2000; McArthur et al. 2001; Bose and Sharma 2002; Harvey et al. 2002) or after reduction of adsorbed As from As +5 (arsenate) to As +3 (arsenite) (Bose and Sharma 2002) . The important implication of the reductive-dissolution model is that As contamination does not result from even indirect human activity and that nothing can be done to reduce the input of As into aquifers. (However, the input of organicrich water from irrigated fi elds and constructed ponds may provide the carbon source for reductive dissolution (Charlet and Polya 2006) ). A competing model has been the sulfi deoxidation model, according to which either overpumping of aquifers or naturally oxidizing conditions has caused oxidation of sulfi de minerals and release of co-precipitated As into groundwater (Badal et al. 1996; Mallick and Rajgopal 1996) . Williams et al. (2004 Williams et al. ( , 2005 has argued that As contamination in the Terai Zone could result from sulfi de oxidation rather than reductive dissolution. Polizzotto et al. (2006) has produced a cogent criticism of the reductive-dissolution model based upon observations and experiments on sediments from Bangladesh.
What both the reductive-dissolution and sulfi de-oxidation models have in common is that they draw attention to the environmental conditions existing in the soil or sedimentary package and have no role for fl uvial As. However, Emerman (2005) and Emerman et al. (2007 Emerman et al. ( , 2011 found elevated As in rivers in Kathmandu Valley and throughout central and eastern Nepal outside of the Higher Himalayan Zone. Emerman (2005) measured fl uvial As six times monthly in eight rivers in Kathmandu Valley and found mean fl uvial As exceeding the WHO As Standard in all but one river. Emerman (2005) and Emerman et al. (2007) also collected 115 fl uvial samples from 30 locations outside of Kathmandu Valley and the Higher Himalayan Zone and found that 53% of samples met or exceeded the WHO As Standard. Emerman et al. (2011) measured fl uvial As from the Himalaya to the Ganges River fl oodplain along a 288-km traverse of the Sunkoshi River to the Saptakoshi River. They found that, upstream from the Ganges River fl oodplain, 45% of fl uvial samples met or exceeded the WHO As Standard, while As concentrations fell to undetectable within the Ganges River fl oodplain. By contrast, the global background fl uvial As is in the range 0.00013 -0.0021 mg/L (Smedley and Kinniburgh 2002) . Emerman et al. (2007 Emerman et al. ( , 2010 Emerman et al. ( , 2011 Emerman et al. ( , 2013 questioned whether it could be a coincidence that rivers with elevated As are draining into sedimentary basins in which the groundwater has elevated As. They suggested that while both the reductive-dissolution and sulfi de-oxidation models could be thermodynamically plausible, the kinetics could be suffi ciently slow that the groundwater chemistry simply refl ects the surface water chemistry. This reasoning led to the fl uvial recharge model for As contamination of groundwater, according to which groundwater is recharged by losing streams with elevated As due to rapid erosion caused by monsoon climate, tectonic uplift and the anthropogenic impacts of deforestation and rangeland degradation.
Rapid erosion should lead to increased concentrations of all elements in rivers because, as the rate of erosion increases, a given volume of rainfall will result in the release of a larger mass of each element from rock, sediment or soil into overland fl ow, whether the rapid erosion is due to the high-intensity rainfall events of monsoon climate, the steep slopes resulting from tectonic uplift or the lack of surface cover resulting from deforestation or excessive grazing. A similar argument explains why rivers become more turbid as the river stage rises (Bloom 1998) . The above argument should apply especially to As, which occurs in dissolved fl uvial form predominantly as the arsenate oxyanion HAsO 4 -2 (Smedley and Kinniburgh 2002) . Most ions will tend to adsorb onto sediment during the course of overland fl ow. Much of the sediment that is eroded from a watershed will not exit the mouth of the watershed, but will be redistributed throughout the watershed, in accordance with the geomorphic principle that smaller landforms erode faster than larger landforms (Bloom 1998) . On that basis, much of the mass of elements that are released into overland fl ow during rapid erosion will not appear in rivers, although most of the water involved in overland fl ow will appear in rivers. However, the As oxyanion will not tend to adsorb onto sediment during rapid overland fl ow. First, sediment tends to have many fewer positively-charged sorption sites than negatively-charged sorption sites. Second, the As oxyanion has both much greater mass and volume than the elements that occur in aqueous form as cations or monatomic anions, and greater mass than other common oxyanions such as nitrate NO 3 -and phosphate PO 4 -3 . Since all ions in overland fl ow are travelling with the same velocity, the As oxyanion will have much greater kinetic energy than the other ions and will tend to "bounce" off of sorption sites. To put it in another way, a divalent As oxyanion cannot attach to two positively-charged sorption sites unless it has suffi cient residence time in the vicinity of the sorption sites for both sites to become simultaneously vacant, for example, by diffusion of two monovalent chloride ions from sorption sites into water. Moreover, the large volume of the As oxyanion implies that the region of the two sorption sites must be suffi ciently large for the As oxyanion to attach. The result is that the As oxyanion cannot attach to sorption sites when the overland fl ow is rapid so that most of the As that is released into overland fl ow by rainfall will appear in rivers rather than be adsorbed onto sediment that is deposited within the watershed.
Recent studies have shown that elevated As in groundwater is not confi ned to the Terai Zone of Nepal, but occurs even in Kathmandu Valley, a tectonic valley well upstream from the Ganges River fl oodplain ( Fig. 1 ) (Khatiwada et al. 2002; Gurung et al. 2006; Bajracharya et al. 2007; Warner et al. 2008; Chapagain et al. 2009; Maharjan et al. 2009; Emerman et al. 2010; Thakur et al. 2011) . For example, Emerman et al. (2010) found As levels exceeding the Nepal Interim As Standard in 33% of 27 groundwater samples. Emerman et al. (2010) tested the fl uvial recharge model by comparing the As concentrations of groundwater samples with 48 river samples obtained in a previous study in Kathmandu Valley (Emerman 2005) . They found that the geometric mean As concentration of groundwater (As = 0.015 mg/L) was statistically indistinguishable from the geometric mean As concentration of surface water (As = 0.013 mg/L). Emerman et al. (2010) also tested the reductive-dissolution and sulfi de-oxidation models by comparing the concentration of As in groundwater with concentrations of sulfi de-forming transition elements (Fe, Cu, Mn, Ni, Co, Zn, Cr) . Arsenic was uncorrelated with either Fe (R 2 = 0.10), Mn (R 2 = 0.0004), or any combination of the transition elements (R 2 < 0.08), which is inconsistent with both models. The reductive-dissolution model predicts positive relations between As and both Fe and Mn, due to the breakdown of Fe oxyhydroxides and release of As under reducing conditions, and the lack of dissolved Mn that should occur under oxidizing conditions (Van Geen et al. 2008 ).
The fi ndings that elevated groundwater As occurred outside of the Terai Zone and that the geochemical data were inconsistent with both the reductive-dissolution and sulfi deoxidation models were so startling that it was decided to repeat and extend the Kathmandu Valley study (Emerman et al. 2010) in Pokhara Valley, the second most heavily populated tectonic valley in Nepal after Kathmandu Valley ( Fig. 1) (Emerman et al. 2013) . Although Kathmandu Valley lies outside of the Ganges fl oodplain, the abundance of lacustrine clays makes a reducing subsurface environment likely (Gurung et al. 2006) , so that Kathmandu Valley could act as a miniature version of the Ganges fl oodplain. On the other hand, the sediments of Pokhara Valley are dominated by coarse-grained debris fl ow deposits of limestone, schist, gneiss and granite (Fort and Gupta 1981; Koirala and Rimal 1996; Koirala et al. 1997 Koirala et al. , 1998 in which an oxidizing subsurface environment is highly likely so that Pokhara Valley is the area where elevated As due to reductive dissolution should be least expected. On the other hand, the abundance of carbonaceous sediments could promote As mobilization due to the reduction in number of positively-charged sorption sites that occur at higher pH.
Despite the differences in subsurface lithology, results from Pokhara Valley were very similar to those from Kathmandu Valley (Emerman et al. 2010 (Emerman et al. , 2013 . The Nepal Interim As Standard was exceeded in 53% of 38 groundwater samples and 74% of 19 surface water samples, while the WHO As Standard was exceeded in all samples except for one stream. The As concentration of all surface water (geometric mean As = 0.067 mg/L) was statistically indistinguishable from that of all groundwater (geometric mean As = 0.086 mg/L), which is consistent with the fl uvial recharge model. Groundwater As was uncorrelated with either Fe (R 2 = 0.15), Mn (R 2 = 0.02), sulfate SO 4 -2 (R 2 = 0.06) or any combination of the transition elements (R 2 ≤ 0.15), which is inconsistent with both the reductive-dissolution and sulfi de-oxidation models. The lack of correlation between groundwater pH and groundwater As (R 2 = 0.005) makes it unlikely that elevated As results from the relatively alkaline subsurface environment (mean groundwater pH = 7.15) of Pokhara Valley.
Based on the above results it was decided to again repeat this study in Mustang Valley, the third major tectonic valley in Nepal (Fig. 1) , also known as Upper Mustang (the portion of Mustang District north of Jomsom) and geologically as Thakkhola Graben or Thakkhola-Mustang Graben. Mustang Valley is not affected by the monsoon climate as it lies in the rain shadow north of the Himalayan Range with mean annual rainfall less than 300 mm (Chhetri 2006) . However, steep slopes do result from active east-west extension and the fl uvial downcutting that has occurred over the past 7500 years, based upon 14 C dates from terraces of the Kali Gandaki Nadi (Fig. 2) (Hurtado et al. 2001) . Only 3.4% of Mustang District is currently forested. The southern portion of Upper Mustang was mostly forested until 4500 yr BP based on charcoal, plant fossils and carbon isotope data from paleosols (Saijo and Tanaka 2002) . According to Boselli et al. (2005) , extensive deforestation of Mustang Valley was carried out by the Khampas (Tibetan refugees) after the occupation of Tibet in 1951, but this does not appear to have been studied systematically. Currently, fi rewood is so scarce that dung must be burned as fuel so that it is not available for fertilizer (Chhetri 2006) . The majority (41%) of the land in Mustang District is rangeland, while another 40% is bare rock (Chhetri 2006) . Paudel and Anderson (2010) have documented degradation of the rangeland that is not related to variation in precipitation. Chhetri (2006) has suggested that overgrazing in Mustang Valley has resulted from the closure of the Chinese border to livestock movement that occurred in 1988. The Thakkhola Graben is fi lled with over 870 m of continental sandstones and conglomerates with minor limestones and mudstones on top of the Tibetan Sedimentary Sequence (Baade et al. 1998; Adhikari and Wagreich 2011a) .
The specifi c goals of this study were: 1) to determine whether elevated As occurs in surface water or groundwater in Mustang Valley, with particular attention to sources of drinking water, 2) to test the fl uvial recharge model by comparing concentrations of As in surface water and groundwater, 3) to test the reductive-dissolution model by comparing As concentrations with Fe, Mn and sulfate concentrations in groundwater, 4) to test the sulfi de-oxidation model by comparing As concentrations with concentrations of sulfate and the transition elements that are normally associated with As, and 5) to determine whether there is spatial clustering of As concentrations. The only previous studies of hydrology or water quality in Mustang Valley have examined major ion chemistry and H, O, C and Sr isotope compositions in streams , bacterial counts in public water taps (Boselli et al. 2005) , and biological indicators for stream degradation (Boselli et al. 2005) . This study has built upon previous studies in Mustang Valley in the related fi elds of geomorphology and natural hazards (Fort 1987; Upreti and Yoshida 2005; Fort 2010) , tectonics (Colchen et al. 1980; Yoshida et al. 1984; Colchen 1998 Colchen , 1999 Garzione et al. 2000a Garzione et al. , 2000b Garzione et al. , 2003 Chamlagain and Hayashi 2006) and sedimentology Fort 1985) .
MATERIALS AND METHODS
In May 2011 water samples were collected in Mustang Valley along the trekking route from Jomsom to the border with China from 33 surface water sites (24 collected directly from streams and 9 collected from canals, pipes or taps fed by streams) and 24 groundwater sites (10 collected directly from springs and 14 collected from pipes or taps fed by springs) (Tables 1a, 2a, Water samples were collected in 250-mL and 125-mL polyethylene containers with the contents of the larger container used for measurement of As and the other used for all other heavy metals and sulfate. Duplicate samples were not collected due to the large volume of water required for analysis by the spectrophotometric method and the need to carry all water samples on horseback.
Although previous As studies in Nepal by the authors (Emerman et al. 2010 (Emerman et al. , 2011 (Emerman et al. , 2013 involved forcing water samples through 0.45-μm syringe fi lters for measurement of dissolved As and other heavy metals, water samples were not fi ltered for this study. The primary objective of this study was to assess the quality of drinking water and local residents would not be forcing drinking water through ultrafi ne fi lters. On the other hand, no one would intentionally drink sediment, but would fi rst allow the sediment to settle. After the samples were returned to Utah Valley University within four weeks of collection, they were allowed to settle for 24 hours (Salbu et al. 1979 ) and the clear water was poured into new containers. Although some transfer of As between aqueous and sediment phases within the sample containers was possible prior to settling, only fi ve samples contained visible sediment after collection. Of these fi ve samples, three had undetectable As and the maximum As concentration was As = 0.003 mg/L. The avoidance of ultrafi ne fi ltering also met the secondary objective of assessing the tendency of surface water As to be transferred to groundwater As. The fl uvial As that could move into groundwater would include not only dissolved As, but also 1 As Rank refers to the ranking of all surface water samples from highest to lowest As concentration. 2 Latitude and longitude are based upon WGS 84 coordinate system. 3 Khola and nadi are the Nepali words for a smaller and larger river, respectively. Names of rivers follow Nepal Map Publisher (n.d.). 4 Missing pH and temperature values resulted because either the pH meter was not functioning or the temperature could not be measured quickly enough. The missing As value resulted from collection of insuffi cient sample. 5 Sample was collected not from the river itself, but from a tap, canal or pipe fed by the river. 6 Arsenic values above the dashed line exceed the Nepal Interim As Standard (As = 0.05 mg/L). Sanders (1998) , there is no agreement as to when samples should be fi ltered or whether samples should ever be fi ltered. See Saar (1997) for the history and advantages and disadvantages of fi ltering water samples.) Water samples were refrigerated as soon as they were returned to Utah Valley University and until they were analysed in order to minimize any microbial action that would transfer solutes between solid and aqueous phases. Samples were refrigerated as opposed to being acidifi ed for preservation and then de-acidifi ed for analysis in order to avoid the errors that could be introduced by excessive chemical processing (Saar 1997) .
Concentrations of Fe, Cu, Mn, Zn, Co, Ni, Cr and sulfate were measured using the Hach DR-2700 Spectrophotometer. Water samples were analyzed for As using the silver diethyldithiocarbamate method (U.S. Environmental Protection Agency Standard Method 3500-As B) (Rice et al. 2012; Hach Company 2013) with the same spectrophotometer. For the fi rst 24 samples, the As absorbing solution was prepared by dissolving 5.00 g silver diethyldithiocarbamate in 1000 mL pyridine (Hach Company 2013), after which the As absorbing solution was prepared by dissolving 2.50 g silver diethyldithiocarbamate and 1.64 g l-ephedrine in 1000 mL chloroform (Kopp 1973) . The spectrophotometer was recalibrated after every 10 As measurements using four standard solutions with As concentrations of 0.000, 0.020, 0.040 and 0.200 mg/L. The coeffi cient of variation (ratio of standard deviation to mean) of the silver diethyldithiocarbamate method is 6.6% for 0.005 mg As (equivalent to As = 0.020 mg/L based on the 250 mL of sample required by the Hach Company (2013) distillation apparatus) according to Marshall (1978) and <10% for 0.010 mg As (equivalent to As = 0.040 mg/L based on 250 mL of sample) according to Rice et al. (2012) , which may be regarded as measures of the precision or reproducibility of the method. Based on the six calibrations carried out for this study, the RMSE (root mean square error) of the method is As = 0.011 mg/L or 12.6% based on average As = 0.089 mg/L. Whenever the As concentration of a sample exceeded As = 0.220 mg/L, the reacted As absorbing solution was diluted with unreacted As absorbing solution until the As concentration of the mixture was less than As = 0.220 mg/L. All analyses were completed within six months of sampling. The detection limits were 0.001 mg/L for As, Ni and Co, 0.01 mg/L for Fe, Cu, Zn and Cr, 0.1 mg/L for Mn and 1 mg/L for sulfate. Due to some processing errors, there was insuffi cient water for measurement of As in one sample and some of the transition elements in another sample (Tables 1a, 2b ). Although the samples were not fi ltered prior to analysis, the measured As concentrations were not total As, nor were they only dissolved As. The Hach Company (2013) distillation procedure involves combining 250 mL of sample with 25 mL concentrated hydrochloric acid, 3 mL potassium iodide, 1 mL stannous chloride and 6.0 g powdered Zn in a distillation fl ask for 45 minutes to create a strongly reducing environment that converts all forms of As into arsine gas, which diffuses into the As absorbing solution to form a red complex. By comparison, by synthesizing the various pools of solid-phase As, Keon et al. (2001) showed that combining sediment with 1 M HCl for 60 minutes extracted the dissolved As, the ionically bound As, and the As co-precipitated with acid-volatile sulfi des, carbonates, Mn oxides, and very amorphous Fe oxyhydroxides, but not more recalcitrant forms of As. The distillation mixture in the Hach Company (2013) procedure is equivalent to 1.04 M HCl so that the measured As concentrations in this study should roughly correspond to the list of labile As phases given by Keon et al. (2001) . However, since the vast majority of samples included no visible sediment when fi rst collected, and since the only samples with visible sediment had very low or undetectable As, it is most likely that the measured As concentrations refer almost entirely to dissolved As. The same can most likely be said for all other measured heavy metals and sulfate. Table 2a . 
RESULTS
Out of the 32 surface water sites for which As was measured, 15 (47%) exceeded the WHO As Standard and 10 (31%) exceeded the Nepal Interim As Standard (Table 1a) . Out of 24 groundwater sites, 19 (79%) exceeded the WHO As Standard, while 15 (63%) exceeded the Nepal Interim As Standard (Table 2a) . Lo-Manthang, the largest village (population about 850) in Mustang Valley (Boselli et al. 2005) , has eight public water taps (Groundwater As Ranks 1, 3, 6-7, 9, 11, 13) and one water tap each in the courtyards of Choedhe Gompa (monastery) (Groundwater As Rank 10) and Great Compassion Boarding School (Groundwater As Rank 8) (Table 2a ). All taps are fed from a tank that mixes water that is piped from two springs from outside Lo-Manthang. One tap was dry, while the As concentration in all of the other nine taps exceeded the Nepal Interim As Standard with geometric mean As = 0.143 mg/L and maximum As = 0.436 mg/L at a public tap. According to local residents, in the winter they usually take water from a canal fed by Chhorak Dokpa Khola (Surface Water As Rank 33) (Table 1a, Fig. 2) as water from the taps is too cold. Unfortunately, this was the site from which insuffi cient water was collected for measurement of As. All other sampled public water taps in Mustang Valley had As concentrations less than the Nepal Interim As Standard, including three taps in Charang fed by Charang Khola (Surface Water As Ranks 12-14), two taps in Syangboche fed by a spring (Groundwater As Rank 21) and by a tributary to Syangboche Khola (Surface Water As Rank 25), a tap in Chele fed by Ghyaka Khola (Surface Water As Rank 30), and taps fed by springs in Ekle Bhatti (Groundwater As Rank 16), Chhunngar (Groundwater As Rank 22), Tamagaon (Groundwater As Rank 23), and Kagbeni (Groundwater As Rank 24) (Tables 1a, 2a, Fig. 2) . The WHO drinking water standards for Cu (2 mg/L), Mn (0.4 mg/L), Ni (0.07 mg/L) and Cr (0.05 mg/L) were respectively exceeded at one surface water site (3%) and one groundwater site (4%), 24 surface water sites (73%) and 17 groundwater sites (74%), two surface water sites (6%) and three groundwater sites (13%), and four surface water sites (12%) and no groundwater sites (WHO 2008) (Tables 1b, 2b ). The Nepal National Drinking Water Quality Standards for Fe (0.3 mg/L), Zn (3 mg/L) and sulfate (250 mg/L) were respectively exceeded at fi ve surface water sites (15%) and six groundwater sites (26%), no surface water or groundwater sites, and six surface water sites (18%) and three groundwater sites (13%) (Warner et al. 2008 It is crucial to test for the existence of normal distributions prior to using any statistical tests that assume normal distributions. For each parameter, the mean and standard deviation were calculated and the cumulative percentage for each value (percentage of values equal to or less than that value) were compared with the cumulative percentage for a normal distribution with the same mean and standard deviation. The cumulative percentage of each value of each parameter was also compared with the cumulative percentage of the equivalent lognormal distribution (same mean and standard deviation as the set of logarithms of values). The use of a lognormal distribution requires an assumption about the zero values (values below the detection limit). We set all zero values equal to the detection limit. Samples were below the detection limit for 32% of Cr values. Samples were separated into surface water and groundwater and the root mean square error (RMSE) between the cumulative percentage and the cumulative percentage of the equivalent normal and lognormal distributions was calculated for each parameter. Mean values of RMSE averaged over all elements and compounds and over all on-site parameters (pH, EC, temperature) were also calculated. For surface water, element and compound distributions were a better fi t to a lognormal distribution (mean RMSE = 8.8%) than a normal distribution (mean RMSE = 19.6%) for all chemical parameters (Figs. 3a-b) . Although, on average, the distributions for on-site parameters for surface water were a better fi t to a lognormal distribution (mean RMSE = 4.1%) than a normal distribution (mean RMSE = 5.8%), the distribution for pH was a slightly better fi t to a normal distribution (RMSE = 4.0%) than a lognormal distribution (RMSE = 4.1%) (Figs. 3c-d) . For groundwater, element and compound distributions were also a better fi t to a lognormal distribution (mean RMSE = 8.6%) than a normal distribution (mean RMSE = 16.9%) for all chemical parameters except Cr (Figs. 3e-f ). Just as with surface water, although, on average, the distributions for on-site parameters for groundwater were a better fi t to a lognormal distribution (mean RMSE = 7.2%) than a normal distribution (mean RMSE = 8.8%), the distribution for pH was a slightly better fi t to a normal distribution (RMSE = 3.4%) than a lognormal distribution (RMSE = 3.5%) (Figs. 3g-h ). Based on the above, it was decided to carry out all statistics on the values of pH and on the logarithms of the values of EC, temperature, and element and compound concentrations, with all zero values set equal to the detection limit.
Competing models for As contamination were fi rst tested using the complete data set of 33 surface water sites and 24 groundwater sites. The fl uvial recharge model was tested by using the Student's t-test to compare the geometric mean concentrations for groundwater and surface water. The difference between the geometric mean As concentrations of surface water (As = 0.009 mg/L) and groundwater (As = 0.036 mg/L) was statistically signifi cant at the 95% confi dence level, which is inconsistent with the fl uvial recharge model (Fig.  4a) . Differences in concentrations of all other elements and compounds were indistinguishable, except for the statistically signifi cant increase in concentration of Cu in groundwater (Boyle and Jonasson 1973) resulted in correlations no better than R2 = 0.24. Although an increase in pH should release As by decreasing the number of positively-charged sorption sites, pH was uncorrelated with As for both surface water (R2 = 0.15) and groundwater (R2 = 0.20). The lack of correlation between pH and As makes it unlikely that elevated As results from the very alkaline environment (mean groundwater pH = 8.49, mean surface water pH = 8.59) of Mustang Valley. In summary, the complete data set does not lend support for any of the existing models for As contamination of groundwater.
However, a very different story emerges when sampling sites are divided into two spatial clusters. The outside of the ellipse in Fig. 5 (called Region I) includes 37 sites (but only 36 As measurements) with geometric mean As = 0.071 mg/L and maximum As = 0.848 mg/L. The inside of the ellipse (called Region II) includes 20 sites, of which 17 had undetectable As (Surface Water As Ranks 18, 20-32 and Groundwater As Ranks 22-24) with remaining measurements of As = 0.001 mg/L (Groundwater As Rank 21), As = 0.002 mg/L (Surface Water As Rank 17) and As = 0.004 mg/L (Groundwater As Rank 20) (Tables 1a, 2a ). (The shape of the ellipse in Fig. 5 has no signifi cance aside from including the 20 sites named above.) When sites in Region I (high-As region) were considered separately, the geometric means of surface water As (0.056 (Cu = 0.09 mg/L) relative to surface water (Cu = 0.03 mg/L) (Fig. 4a) . Differences in pH and EC were indistinguishable, although the elevation in surface water temperature (17.7°C) relative to groundwater temperature (15.0°C) was statistically signifi cant at the 99% confi dence level. In both surface water and groundwater, concentrations of As, Cu, Mn, Zn, Co, Ni and Cr were elevated relative to global averages, while only surface water sulfate was elevated relative to its global average (Langmuir 1997) (Fig. 4a) .
The reductive-dissolution and sulfi de-oxidation models were tested using the complete data set by comparing the concentration of As in groundwater with concentrations of Fe, Mn and sulfate. Arsenic was uncorrelated with Fe (R 2 = 0.19), Mn (R 2 = 3 × 10 -6 ) and sulfate (R 2 = 0.05), which is inconsistent with both models. The reductive-dissolution model predicts a negative relation between As and sulfate due to the lack of sulfate under reducing conditions, while the sulfi de-oxidation model predicts a positive relation between As and sulfate due to the abundance of sulfate that should result from the oxidation of sulfi des and release of co-precipitated As. The sulfi de-oxidation model predicts moreover a positive relation between As and between Fe or Mn or some other sulfi deforming transition element. Consideration of other transition elements or various molar sums of the fi ve transition elements most commonly associated with As (Fe, Cu, Ni, Co, Zn) mg/L) and groundwater As (0.087 mg/L) were statistically indistinguishable (Fig. 4b) . For all other chemical parameters, the only statistically signifi cant differences were the increase in groundwater Cu (0.14 mg/L) relative to surface water Cu (0.03 mg/L) and the elevation of surface water temperature (18.3°C) over groundwater temperature (14.8°C) at the 95% and 99% confi dence levels, respectively (Fig. 4b) . As in the combined data set, concentrations of groundwater and surface water As, Cu, Mn, Zn, Co, Ni and Cr were elevated relative to global averages, while only surface water sulfate was elevated relative to its global average (Langmuir 1997) (Fig. 4b) .
Similarly, when sites in Region II (low-As region) were considered separately, the geometric means of surface water As (0.001 mg/L) and groundwater As (0.001 mg/L) were statistically indistinguishable (Fig. 4c) . For all other chemical parameters, the only statistically signifi cant differences were the increases in surface water Fe (0.04 mg/L) over groundwater Fe (0.01 mg/L), surface water Co (0.012 mg/L) over groundwater Co (0.002 mg/L), and surface water pH (8.50) over groundwater pH (8.17) at the 95%, 99% and 95% confi dence levels, respectively (Fig. 4c) . Concentrations of groundwater and surface water Cu, Mn, Zn, Co, Ni and Cr (but not As) were elevated relative to global averages, while only surface water sulfate was elevated relative to its global average (Langmuir 1997) (Fig. 4c) . The separation of data into two spatial clusters does produce results consistent with the fl uvial recharge model. The elevation of groundwater As over surface water As in the complete data set can now be seen as an artifact of the greater percentage of groundwater measurements in Region I (53%) than Region II (25%).
The reductive-dissolution and sulfi de-oxidation models were also be re-examined by separating sampling sites into high-and low-As regions. Meaningful correlations with As could not be found in Region II as the range of As measurements was too small. Considering Region I alone did not improve correlations between groundwater As and Fe (R 2 = 0.01), Mn (R 2 = 0.005), or any combination of the transition elements (R 2 < 0.08), which is not consistent with either the reductive-dissolution or sulfi de-oxidation models. The spatial separation of samples also did not improve correlations Fig. 3d: A comparison of the cumulative percentage of pH, electrical conductivity (EC), and temperature in surface water with the equivalent lognormal distribution with the same mean and standard deviation showed distributions of EC and temperature to be a better fi t to a lognormal distribution, while the distribution of pH was a better fi t to a normal distribution. The root mean square error (RMSE) averaged over all parameters was 4.1% (RMSE for each parameter shown in parentheses). between As and pH either for Region I (R 2 for surface water = 0.05, R 2 for groundwater = 0.005) or Region II (R 2 for surface water = 0.005, R 2 for groundwater = 0.002). However, in Region I, sulfate was weakly negatively correlated with As for surface water (R 2 = 0.34, P = 0.004), groundwater (R 2 = 0.24, P = 0.02), and combined groundwater and surface water (R 2 = 0.28, P = 0.0002) (Fig. 6) . The negative correlation between groundwater sulfate and As is consistent with the reductivedissolution model and inconsistent with the sulfi de-oxidation model.
Region I was not only elevated with respect to Region II in both groundwater and surface water As, but statistically signifi cant elevations were also found in groundwater Fe (0.08 mg/L vs. 0.01 mg/L), combined (groundwater + surface water) Cu (0.07 mg/L vs. 0.03 mg/L), groundwater Cu (0.14 mg/L vs. 0.02 mg/L), combined Zn (0.14 mg/L vs. 0.08 mg/L), groundwater Co (0.013 mg/L vs. 0.002 mg/L), combined pH (8.62 vs. 8.42), groundwater pH (8.58 vs. 8.17) , and surface water pH (8.67 vs. 8.50) ( Table 3 ). The higher pH values in Region I are consistent with mobilization of As by reduction in the number of positively-charged sites, but the range of pH seems small for such a large difference in As concentrations. The higher concentrations of the transitions elements Fe, Cu, Zn and Co in Region I could argue in favor of the sulfi deoxidation model. However, the lack of correlation between groundwater As and the transition elements in Region I offers no evidence in favor of subsurface sulfi de oxidation. The regional association between As and the transition elements without site-by-site correlations (for either surface water or groundwater) suggests that sulfi de minerals are being oxidized on the surface after which the As oxyanions and the various cations travel separate pathways in overland fl ow, which is fully consistent with the fl uvial recharge model.
DISCUSSION
The obvious question is whether the residents of the village of Lo-Manthang display any of the ill effects of arsenicosis (hardening of the skin on the palms and soles, neurological disorders, and increased probability of stomach and bladder cancers). It is impossible to answer that question in the absence of any survey by health professionals. It is possible that the water taps were installed too recently for effects of chronic exposure to As to have appeared, as was argued for Pokhara Valley (Emerman et al. 2013) . We were unable to locate any other water sources within Lo-Manthang besides the taps and the canal from Chhorak Dokpa Khola or to determine what water sources were used prior to installation of the water taps. We are skeptical that there have never been any other water sources within Lo-Manthang, as Lo-Manthang is a medieval walled village (the wall was constructed in the early 15th century) and the lack of a water source within the wall would give the village no ability to withstand a siege. The quality of the water supply in Lo-Manthang certainly requires further attention. In a similar way, Boselli et al (2005) found that water from public taps in eight villages in Mustang Valley had bacterial counts exceeding WHO standards, which could result from the lack of sewage systems and protection of taps from human and animal wastes.
There seems to be a clear correspondence between both surface water and groundwater As and the surface lithology in the watershed that is supplying water to the surface water and groundwater sites (Fig. 5) . The 32 sampling sites in the northern portion of Region I (high-As region north of the ellipse in Fig. 5 ) all receive overland fl ow from the Mustang and Mugu Granites, while the 20 sampling sites within Region II (low-As region) do not receive overland fl ow from these exposed granitic bodies. The only exception is a sampling site (Surface Water Rank 20) with undetectable As within Region I on Naktang Khola above the confl uence with Ghami Khola (Table 1a , Fig. 5 ). In general, relative As concentrations cannot be assigned to particular rock bodies without measurements as the ranges within each rock type are too large. The range in granites is 0.2-15 mg/kg, while the ranges in sandstones and non-marine shales (as would be found within the Tibetan Sedimentary Sequence) are 0.6-120 and 3.0-12 mg/kg, respectively (Smedley and Kinniburgh 2002) . Although Sr, Nd, Pb and O isotopes and rare earth elements have been measured in the Mustang and Mugu Granites, there have been no measurements of As or the transition elements (Vidal et al. 1984; Guillot et al. 1994; France-Lanord 1994, 1995; Harrison et al. 1997; Hurtado et al. 2002) . Arsenic and the transition elements have also not been measured in the Tibetan Sedimentary Sequence (but see analysis of pebbles by Dürr and Gibling (1994) ), nor, to the best of our knowledge, have As concentrations been measured in any rocks in Nepal. There is certainly room for further research in this area. One of the few cases in which different rock types have distinctive relative As concentrations is that much higher As concentrations tend to be found in the low-grade metamorphic rocks phyllite and slate (mean = 18 mg/kg, range 0.5-143 mg/kg) than the high-grade metamorphic rocks schist and gneiss (mean = 1.1 mg/kg, range < 0.1-18.5 mg/kg) (Smedley and Kinniburgh 2002; Emerman et al. 2007 ). Emerman et al. (2013) found in Pokhara Valley that rivers draining phyllites of the Kuncha Formation (Lesser Himalayan Zone) had much higher As concentrations than rivers draining the Himalayan Gneiss (Higher Himalayan Zone), which was consistent with the fi nding by Emerman et al. (2007) of low fl uvial As throughout the Higher Himalayan Zone. However, in Pokhara Valley, it was not possible to compare groundwater As with watershed surface lithology as there were no wells or springs in the watershed draining the Himalayan Gneiss. To the best of our knowledge, the present study is the fi rst study that has connected groundwater As with watershed surface lithology, as opposed to subsurface lithology and environmental conditions. This connection is the strongest evidence in favor of the fl uvial recharge model for As contamination of groundwater.
The exception to the above correspondence between surface lithology and surface water and groundwater As is the fi ve sampling sites in Region I south of the ellipse (Surface Water As Ranks 6, 10, and 16 and Groundwater As Ranks 14 and 16) (Tables 1a, 2a, Figs. 2, 5) . All of these sites are found within the Marpha Formation, which is the only formation in the Thakkhola Graben fi ll that is dominated by mudstones (Adhikari and Wagreich 2011b) . On that basis, it is possible that As mobilization by reductive dissolution is occurring in this area. However, with only two groundwater measurements, it is impossible to carry out the statistics that would support this model.
The negative correlation between As and sulfate for both surface water and groundwater for all of Region I could support the reductive-dissolution model, but that is unlikely given the paucity of fi ne-grained sedimentary rocks in the Thakkhola Graben fi ll outside of the Marpha Formation (Adhikari and Wagreich 2011b) . Another possible explanation for the negative correlation is a competition for positively-charged sorption sites between the sulfate and the arsenate oxyanions. However, in laboratory experiments, Genc and Tjell (2003) and Manna et al. (2003) found weak competition from sulfate for sorption sites, while Frau et al. (2010) found signifi cant competition at sulfate concentration 0.1 M (9606 mg/L), but not 0.01 M (961 mg/L). As the geometric mean sulfate concentration in Region I was 35 mg/L, signifi cant sulfate-arsenate competition would not be expected based on the laboratory experiments. Sulfate-arsenate competition has not been reported in fi eld studies, although the possibility deserves further study.
CONCLUSIONS
The results of this study are consistent with the fl uvial recharge model for As contamination of groundwater in the following ways: 1) There is a correspondence between surface water and groundwater As and the surface lithology of the headwaters that are supplying water to the sampling sites.
2) Fluvial As concentrations are statistically indistinguishable from groundwater As concentrations when sampling sites are separated into low-As and high-As spatial clusters, which correspond to watershed surface lithologies.
3) Fluvial As is uncorrelated with pH, which is consistent with a lack of As sorption / desorption in overland fl ow or streambeds.
4) Groundwater As is uncorrelated with pH or any of the transition elements either individually or in combination, which is consistent with a lack of reductive dissolution, sulfi de oxidation or any other groundwater As chemistry.
If As mobilization is a consequence of rapid erosion and if this rapid erosion is caused by the anthropogenic activities of deforestation Values are geometric means for elemental concentrations and arithmetic mean for pH. *,*,*** indicates differences between values for Region I and II are statistically signifi cant at the 95%, 99%, and 99.9% confi dence intervals. and overgrazing, then it is possible that the root causes of As contamination of groundwater in the tectonic valleys of Nepal cannot be addressed without also addressing the problem of land degradation. If deforestation were addressed for the purpose of slowing the rate of input of As into surface water and groundwater, then the priorities would need to be those areas whose surface lithology has an elevated As concentration. These priorities cannot be set without measurements of As concentrations of rock bodies in Nepal, so that this research is urgently needed. (See Emerman et al. (2012) for further thoughts along these lines.) It is possible that As mobilization as a consequence of rapid erosion in Nepal is due almost entirely to the natural causes of climate and tectonic activity. This possibility could be addressed by measuring surface water and groundwater As in paired forested and deforested watersheds or paired overgrazed and properly managed watersheds. Such an investigation would be problematic in Nepal as so much of the country has already been deforested. Further investigations along these lines will be carried out in Bhutan where 72% of the total geographic area is still under forest cover (WCD 2010) .
